Abstract Hay meadows, which are managed using a low-intensity regime, are characterized by highly diverse vegetation but have declined significantly since the mid twentieth century. Remaining species-rich meadows are often protected by statutory designations and conservation management agreements. However, long-term studies of change in the composition of meadow vegetation, and investigations of the success of conservation over the long-term are rare. Fourteen sites, which had a long history of being managed for field dried hay, were resurveyed after 25 years and redundancy analysis was undertaken to investigate changes in community composition. Investigations of the effect of soil conditions, site size and spatial distribution of the meadow sites were carried out. Although overall community composition had changed significantly, the suite of species representative of the meadow community had been maintained, and species usually associated with more intensively managed grasslands had declined. However, there were losses of particular species of conservation importance such as Alchemilla glabra and Conopodium majus, and losses and gains of species varied from site to site. There was a significant increase in the homogeneity of the meadow vegetation between the two survey years. Comparisons of indicators of soil conditions suggested that there had been no significant change for the community as a whole but analyses of the species showing the most change indicated a decrease in soil fertility. Low-intensity management has been successful in maintaining the meadow community but consideration of changes in key species and losses at the site level is needed. More research is needed to establish whether fragmentation is starting to have an impact on diversity.
Introduction
Grasslands of high nature value support some of the most diverse vegetation in Europe but they have seen a marked decline since the middle of the twentieth Century (Eriksson et al. 2002; Hodgson et al. 2005; Poschlod et al. 2005) . Changing agricultural practices are the primary reason for this decline with intensification and abandonment resulting in reductions in biodiversity in grasslands although the pace of change in grassland habitats has differed from country to country (Baur et al. 2006; Dallimer et al. 2009; Otero et al. 2013) . Grasslands of high nature value vary according to soil type, climatic conditions, altitude or local agricultural tradition (Küster and Keenleyside 2009 ). This study focuses on mesotrophic meadows which are characterized by a low-input management regime with an annual hay cut and low-intensity spring and autumn grazing (Crofts and Jefferson 2007) . At lower altitudes such meadows have been particularly vulnerable to agricultural intensification and cultivation because they were often located on sites which could be easily ploughed or drained. The resulting loss has meant that existing meadows are now highly fragmented (Peterken 2013; Eriksson and Cousins 2014) .
Meadows which have a history of extensive management can support high levels of floristic diversity with over 30 species per square metre on the richest mesotrophic sites (Smith 2010) . The contribution of such habitats to international and national biodiversity has been acknowledged and many sites have been given statutory protection or included in agri-environment schemes (Jefferson 2005) . There is some concern, however, that these conservation measures are not maintaining the biodiversity of the sites they are designed to protect (Kleijn et al. 2006) and there is an increasing demand for evidence to justify the resources required for managing agricultural land for conservation (Batáry et al. 2015) .
The underlying mechanisms that enable diversity and variation in species composition in grassland ecosystems have been the subject of debate for some time (Yang et al. 2015) . Factors which have been shown to influence diversity in grasslands include: levels of soil nutrients and moisture (Hejcman et al. 2014; Timmermann et al. 2015) ; the timing of mowing, and the timing and intensity of grazing (Smith et al. 1996) ; and the isolation of species-rich sites from sites supporting similar species (Krauss et al. 2004; Reitalu et al. 2009 ). The impacts of changes in nutrient levels, management regimes or fragmentation could be reflected in a reduction in species richness, a change in particular types of species or functional groups, or a loss of local distinctiveness in grassland vegetation (Čámská and Skálová 2012; Homburger and Hofer 2012; Wesche et al. 2012) .
Obtaining evidence for the impact of change in grasslands requires a long-term approach because there will be a time lag in the response of vegetation to alterations in management or environmental factors (Helm et al. 2006) . Such an approach is central to our understanding of the drivers of change in our most valued habitats, yet there is a limited availability of long-term ecological change data (Burt 1994; Morecroft et al. 2009 ). Long-term experimental plots such as the Park Grass experiment (Silvertown et al. 2006) are an important source of ecological data which have been collected regularly and systematically, and which can be analysed with a degree of precision (Lindenmayer and Likens 2012) . There are clear advantages in this approach to the long term study of ecological change, but there are also limitations in terms of the low numbers of experimental plot sites and such experimental sites only cover small areas (Hédl 2007) . Re-surveys of more extensive areas using historical data are a valuable addition to these studies since they increase our understanding of vegetation dynamics and ecological processes both spatially and temporally (Kapfer et al. 2017) .
The value of re-visitation studies has been demonstrated in analyses of the response of vegetation communities to alterations in soil chemistry (McGovern et al. 2011) , changes in fertilizer application (Liira et al. 2012) or fragmentation of sites (Arponen et al. 2013 ) at various spatial scales. In previous re-visitation studies the focus has often been the substantial change in grassland community composition in regions where more intensive farming practices have replaced low input management (Prince et al. 2012; Wesche et al. 2012; Krause and Culmsee 2013) . Some studies of vegetation in meadows which have a long history of extensive management have investigated particular aspects of change such as the homogenization of meadow vegetation (Bühler and Roth 2011) and the loss of rare meadow species (Bradshaw 2009) . Only a small number of long-term studies have concentrated on meadows managed for both agricultural and conservation objectives. Critchley et al. (2007) considered the relationship between different aspects of management and vegetation change by looking at meadows in agri-environment schemes (AES) surveyed in 1987 and revisited in 2002. Since then there has been limited published evidence for the effectiveness of EU agri-environment schemes in meadows. The present study investigates long-term change in meadows which have all been managed for a hay crop but which were first surveyed prior to agri-environment management agreements or to the notification of statutory protection and thus addresses a significant gap in the literature.
In this study changes in plant communities in grasslands managed as meadows over a 25-year period were investigated. Data were obtained from sites first surveyed in the 1980s and repeat surveys were carried out in 2012. An analysis of overall community composition and species turnover was undertaken, and change in a particular suite of species which are representative of a mesotrophic meadow community was investigated. Change in soil conditions was assessed using Ellenberg indicator values since soil data was not collected in the original survey.
The study addressed the following questions: (1) What patterns of change can be identified in the community composition of meadow sites over 25 years? (2) Has a low-input management regime conserved species representative of a species rich hay meadow community? (3) What influence have soil conditions, site size and isolation had on the meadow community? (4) What are the implications for future conservation management?
Material and methods

Study area
The study sites are located in an area of approx. 17,000 ha in the Forest of Bowland in northern England at 53°58′N, 2°26′W (see Fig. 1 ). Climate and nitrogen deposition data are given (Table S1 in the Electronic Supplementary Material). Most of the meadows in the study are located at an altitude of 150-200 m a.s.l. with a small number of meadows at lower levels. See Table 1 for site details.
Three of the meadow sites form part of the North Pennine Dales Meadows Special Area of Conservation (SAC) and nine meadows have the national statutory designation of Sites of Special Scientific Interest (SSSI). The meadows are described as belonging to the TrisetoPolygonion alliance or are associated with alliances within the Molinio-Arrhenatheretea order (Rodwell et al. 2007) . Within the UK National Vegetation Classification they support MG3 Anthoxanthum odoratumGeranium sylvaticum, MG4 Alopecurus pratensisSanguisorba officinalis and MG5 Cynosurus cristatusCentaurea nigra communities (Rodwell 1992) .
All of the sites are protected and/or in an agrienvironment scheme so their management involves a late hay cut (after 15 July for AES sites) followed by field drying of the hay for 3-4 days and baling. Aftermath grazing is carried out in the late summer/early autumn and the meadows are grazed in the spring until they are 'shut up' to allow the hay crop to grow. Livestock are removed for a period of time before the hay cut (usually a minimum of 8 weeks) and a limited amount of farmyard manure may be spread on the sites. (Natural England 2010 , 2017a . There will be minor variations in the management regime because of weather conditions and the type of livestock on each farm.
Field survey and data collection
Surveys of semi-natural grassland were carried out in England in the 1980s and 1990s and the results were compiled into a Grassland Inventory for England (Jefferson et al. 1997; Blackstock et al. 1999) . The detailed survey records for the county of Lancashire survive in their original form, and it is these records which were the baseline for this study. From these inventory records 14 sites were identified in the Bowland region, which had been consistently managed as meadows since the 1980s. In the original surveys the sites had been described as species-rich meadow communities, which suggests that the low input meadow management regime had been established well before the original survey was undertaken. In most cases this was confirmed by the farmers who owned or rented the sites. References were made to their classifications as MG3, MG4 or MG5 grassland although the surveys took place before the publication of the British National Vegetation Classification for grasslands in 1992 (Rodwell 1992) .
The guidance for the original surveys (hereafter the 'first survey') stated that 1-m 2 quadrats should be placed randomly within a stand of vegetation judged to be representative of the meadow community (Smith et al. 1985) . The numbers of quadrats varied according to the size of the site but in total 55 quadrat surveys were recorded across the 14 sites. In these quadrats all vascular plants were recorded using the Domin scale of cover-abundance. The survey record cards also included sketch maps which showed the locations of the quadrats in each field (Smith et al. 1985) .
Copies of the original record cards were used to locate the approximate positions of the quadrats and the surveys were carried out using the original methodology. Most of the sites consist of individual fields and the larger sites are sub-divided into field units so it was possible to place the quadrats within a few metres of the original locations. In addition the meadow sites have a relatively uniform sward so choosing an area which was representative of the whole stand was straightforward. Tests for plot relocation accuracy were applied to the quadrats from a random selection of four of the meadow sites following the method developed by Ross et al. (2010) . Wilcoxon rank sum tests showed that there was significantly greater dissimilarity between the first and repeat survey quadrats compared with the dissimilarity between the repeat survey quadrats (P < 0.001). The repeat surveys (the 'second survey') were carried out in the summer of 2012 as closely as possible to the original survey dates and were completed by mid-July to ensure that they were completed before the hay cut. All of the 55 quadrats from the first survey were re-surveyed and the locations of the second survey quadrats were recorded using a handheld GPS and the survey data will be deposited in the Edge Hill University's Research Archive (available at https://repository.edgehill.ac.uk).
Soil data was not collected during the first survey so changes in soil conditions were compared using Ellenberg indicator values (EIVs) for the British flora (Hill et al. 1999 ). EIVs give a proxy value for soil conditions including soil moisture, pH and fertility based on scores awarded to vascular plants. Cover weighted and non-weighted EIVs were compared across the sites but there was little difference in the results so non-weighted scores were used in the analysis. The size of the sites were calculated in hectares (ha) and isolation of sites was calculated by measuring the straight line distance in km between one meadow and the closest neighbouring meadow in the dataset (nearest neighbour distance). Some sites were adjacent to other sites but were analysed separately if they had a statutory designation (see Table 1 ). Percentage cover of key meadow species was recorded as a subset of the overall data set. Species used as both target and non-target species for meadow vegetation in condition assessments of UK species rich grasslands were included in this subset (JNCC 2004) along with species used in a study by Kirkham et al. (2014) , which compared change in an upland and lowland meadow. In the UK context the Bowland meadows are mainly upland sites but some are found at lower levels so these lists of species were found to be particularly relevant to the present study. A full list of target and non-target species is found in Table S2 in the Electronic Supplementary Material.
Data analysis
All statistical analyses were carried out in R version 3.1.2 (R Development Core Team 2014). Tests for normality of distribution and homogeneity of variance were carried out where appropriate. Domin scores in both surveys were converted to a percentage cover value using the Domin 2.6 transformation (Currall 1987) to avoid over emphasising rare species.
To analyse differences in community composition between the two surveys redundancy analysis (RDA) was carried out using the vegan package in R (Oksanen et al. 2013) . The data were transformed using the Hellinger transformation (Legendre and Gallagher 2001) and the RDA was performed with survey year as the explanatory variable and site as a covariable. The analysis was repeated using presenceabsence data to assess the addition information provided by an assessment of qualitative change between the two survey years.
A permutation test was used to indicate the level of statistical significance of the final model (minimum permutations = 1,000). It was not necessary to use a blocked design for the permutation test because the effect of site was partialled out in the model so the permutation procedure of the test was model-based. The data structure was, therefore, not included within the permutation test since sites were treated as covariables in the analysis. The eigenvectors (species scores) returned by the model were used to establish which species had contributed most to the variance in species composition. The species which were the most associated with each of the two survey years based on the magnitude of the eigenvectors were extracted from the model output and an analysis was made of which species had increased or decreased in terms of frequency of records on each site between the two survey years. Species scores were also extracted from the RDA results for the presence-absence data although the same scores were often shared by several species due to the use of binary data in the analysis.
To investigate change in site species richness the mean number of species per site was calculated and the difference between the two survey years was tested using a paired t-test.
To investigate patterns in the diversity of the meadow community vegetation a test for multivariate homogeneity of group dispersions was carried out using the betadisper function in vegan followed by a permutation test for significance (Anderson et al. 2006; Oksanen et al. 2013 ). This function involves the calculation of distances between the principal coordinates of dissimilarity coefficients to group centroids. In this case the Bray Curtis dissimilarity index was used because it takes account of relative abundances and has the necessary properties for the analysis of betadiversity (Legendre and De Cácares 2013) . The groups were the two survey years. Analyses of changes in soil conditions were carried out by using permutation tests on unweighted mean Ellenberg indicator values for soil moisture (EIV moisture), pH (EIV pH) and fertility (EIV fertility). The permutation tests followed the method developed by Zelený and Schaffers (2012) , which was designed to overcome the bias associated with analysis of EIVs when they are compared using parametric tests or used as explanatory variables in constrained ordination. Wilcoxon signed rank tests were used in a comparison of the mean EIVs of the most influential species in the RDA analysis. The permutation test could not be used in this case because two different sets of species were compared.
Differences in percent cover of target and non-target meadow species by site was tested by a Wilcoxon signed rank test to account for a non-normal distribution. The effects of site size, nearest neighbour distance and altitude on relative change in cover of target meadow species were tested using a linear regression model in which relative change = Percentcover∈secondsurvey−percentcover∈firstsurvey ð Þ percentcover∈secondsurvey . Checks were carried out to ensure the residuals met the model's assumptions. The model was also run with site frequency counts of target species and with change in cover and frequency of non-target species.
Results
Ninety-five species were recorded across the 14 meadow sites in the first survey whereas 79 species were found in the second survey. Site richness was significantly lower in the second survey than it was in the first survey (see Table 3 ). Twenty-five species were found only in the first survey and not in the second, and nine species were found in the second survey but not in the first. In most cases these losses and gains were due to records at only one site (see Table 2 ) but in some of the species that were absent from the second survey there were three or more records in the first survey (Achillea ptarmica, Anemone nemorosa, Ranunculus bulbosus and Vicia sepium).
Results of the RDA showed that there was a significant difference (P = 0.003) between the community composition of the meadow sites in the first survey compared with that of the second survey (Fig. 2) . Survey year accounted for 11.26% of the variance and the adjusted R 2 value was 0.08.
The species scores for the first axis were extracted from the RDA output and were ranked according to their magnitude. The 10 species with the lowest negative eigenvector scores (most associated with the first survey) and the 10 species with the highest negative scores (most associated with the second survey) are shown in Table 2 . Table 2 shows whether these species increased or decreased in terms of the frequency of sites in which they were recorded. Target and non-target meadow species are also identified. Some target species decreased such as Conopodium majus and Alchemilla glabra whilst others increased such as Euphrasia species, Scorzoneroides autumnalis and Rhinanthus minor. There were also decreases in some non-target species, e.g. Bromus hordeaceus, Phleum pratense and Lolium perenne, whilst others such as Ranunculus repens, Juncus articulatus and Holcus lanatus saw an increase. Decreases also occurred in common grasses such as Poa trivialis, which is not considered to be a non-target and there were increases in widespread grassland species such as Plantago lanceolata and Trifolium pratense.
The RDA model with presence absence data was also significant (P = 0.007) although less variance was explained by survey year (5.78% in the presence-absence model, compared with 11.26% in the abundance data model). The adjusted R 2 for the presence-absence model was relatively low at 0.02. Patterns in the ordination plot (Fig. S1 in the Electronic Supplementary Material) were similar to those in Fig. 2 and some of the species which were most associated with each of the survey years in the abundance RDA (Table 2) were also among the most influential species in the presence-absence analysis (see Table 2 ).
The analysis of homogeneity of community composition in the two sites revealed that mean distances between centroids had decreased from 0.42 to 0.36 (see Fig. 3 ) and the permutation test revealed that the differences between the distances were significant (P = 0.04). This result indicates that the vegetation has become more homogenous over the survey period.
There was no significant difference in any of the mean EIVs between the two survey years (Table 3) suggesting that differences in soil conditions were minimal. However, when a comparison of the mean EIVs of the ten species most associated with the first survey and the ten most associated with the second survey (listed in Table 2 ) was undertaken, there were significant differences (see Table 3 ). In this analysis of the most influential species EIV moisture increased, EIV reaction increased and EIV fertility decreased. Site richness was significantly lower in the second survey than it was in the first survey (Table 3 ). An analysis of the change in the percentage cover of target meadow species between the first and second surveys did not reveal a significant difference but there was a significant decline in the percentage cover of non-target species (see Table 3 ).
The linear regression model for the effects of site size, nearest neighbour distance and altitude on relative change in cover of target species did not indicate any significant results (P = 0.158, P = 0.222 and P = 0.438, respectively). There were no significant effects shown when the model was run with change in frequency counts of target species nor with non-target species. However, plots of change in percentage cover of target meadow species by location ( Fig. 4a and b) showed that cover had decreased at the more isolated sites whilst sites which were closer together with had seen increases.
Discussion
Patterns of change in community composition
The analysis of meadow sites between the two survey years has shown that there has been a significant change in community composition, and that this change has been brought about by a reduction in non-target meadow species and by turnover in some of the key target species which are Table 2 Species only recorded in the first or second survey with the number of site records in parentheses; species most associated with each survey in the RDA of abundance data using the highest and lowest eigenvector scores and with the change in site frequency in parentheses; species most associated with the RDA of species-absence data using the highest and lowest eigenvector scores Long-term hay meadow management maintains the target community despite local-scale species turnoverrepresentative of the meadow community. The cover of target meadow species as a whole appears to have been maintained but there has been an increase in homogeneity across the study sites.
Reduction in non-target species
Thirteen of the fourteen meadows sites are managed through an agri-environment scheme (AES) and nine are protected through a statutory designation. These measures allow limited amounts of farmyard manure to be applied but prohibit the use of inorganic fertilizers.
There is substantial evidence to show that increased soil fertility encourages the growth of competitive grasses, particularly on sites with a history of low input management (Mountford et al. 1993; Smith et al. 2003; Kirkham et al. 2014) , so it would be expected that limiting fertility would restrict non-target species such as Lolium perenne and Phleum pratense, which were shown to decrease in the study area.
It is also notable that two hemiparastic herbs Euphrasia species and Rhinanthus minor have shown an increase in the frequency of sites on which they were recorded. The ability of hemiparasitic species to suppress competitive grasses has been demonstrated in studies of meadow restoration (Bullock and Pywell 2005) , so it is possible that these two species have played a role in the reduction of non-target species. Overall there was a reduction in the cover of non-target species (Table 2) , but there were increases and decreases in the frequency of individual species indicating that the overall pattern is not reflecting the detailed change at the individual site and species level.
Turnover in target meadow species
The analysis of percentage cover of target meadow species across the study area showed that there was no significant difference between the two survey years but it is clear that there are 'winners' and 'losers' among the target species. For example Alchemilla glabra, which has seen a decline, is a constant species in the upland hay meadow community (MG3) (Rodwell 1992) . A. glabra is declining nationally particularly at the southern edge of its range in northern England and parts of Wales (Preston et al. 2002) . Studies of upland hay meadows in northern England have linked change in key target meadow species primarily to management, habitat quality and fragmentation (Critchley et al. 2007; Pacha and Petit 2008; Bradshaw 2009 ) but higher temperatures resulting from climate change may become more of a concern for the northern montane species in the future so monitoring of such species is important for conservation.
A study of hay meadows by Valkó et al. (2012) found that mowing was needed to limit graminoid biomass but that some species were supressed by mowing. These species included Achillea ptarmica, which was only present in the first survey and was one of the most influential species in the RDA when analysed by presence-absence. It was suggested that greater diversity in the meadow sward could be achieved by introducing variations in mowing regimes, eg, by including fallow years or leaving unmown strips. Whilst this approach may not be as attractive in terms of agricultural productivity it may reflect more closely the pattern of meadow management prior to the introduction of AES. Farmers may have chosen to mow earlier or later depending on levels of spring growth, weather conditions or even availability of labour (Eriksson et al. 2015) . The use of a standardized cutting date applied to whole regions of northern England has been linked with a widespread increase in annual species such as Euphrasia species. The regular pattern of later cutting is thought to allow annuals to set seed every year whereas prior to the introduction of AES dates would have varied with some years being less favourable for annuals (O'Reilly 2010; Starr-Keddle 2014) . Several other annual species which were among those most associated with the second survey in the RDA presence-absence analysis (e.g. Myosotis discolor, Trifolium dubium and Trifolium campestre), suggesting that management has favoured several annual species in the study region.
Standardized cutting dates are also linked to the dates when livestock are removed from the meadows in the spring. AES prescriptions require that the meadows are 'shut up' eight weeks before mowing, which would equate to mid-May in the study region which has an earliest cutting date of 15 July. However, a study by Smith et al. (2016) has shown that the removal of livestock earlier in the spring had a positive effect on species diversity and benefitted early flowering species including Anemone nemorosa, Ficaria verna and Luzula campestris, all of which were more closely associated with the first survey.
There has also been concern that the use of a standardized approach could be linked to the loss of local distinctiveness or increased homogenization in species rich grasslands (Homburger and Hofer 2012) . Bühler and Roth (2011) found that taxonomic homogenization was a result of an increase in more common species. Examples in this study could be Scorzoneroides autumnalis, Trifolium pratense and Prunella vulgaris, which are common grassland 'generalists'. It is likely that a longer time period is needed to assess such changes particularly in grasslands where most of the species are perennials (Bühler and Roth 2011) . In addition to the indication of greater homogenization at the regional level, the significant decrease in site species richness suggests that within-site diversity has also declined. The need to balance regionally applied management prescriptions, which appear to maintain the overall suite of meadow species in the study area, with the long-term impact on floristic homogenization and local distinctiveness merits further investigation.
Effect of fragmentation of grassland sites
There were no significant relationships between site size, nearest neighbour distance and altitude with change in cover of target or non-target meadow species. It is possible that, although many of the target species are representative of meadow communities, they will also be found in other semi-natural grassland sites so populations of these species in the meadows may be less isolated than the distribution of meadow sites would suggest. However, the pattern of losses and gains in percent cover of target species by site shown in Fig. 4 could indicate that change is taking place at the site level, which is not yet statistically significant but may become increasingly important from an ecological point of view. The loss of specialist plant species with increasing fragmentation of semi-natural grasslands has been reported in other studies (Pacha and Petit 2008; Brückmann et al. 2010) . There is evidence that smaller populations of grassland specialists may be more vulnerable to fragmentation but the time taken before the effects of isolation become evident will vary depending on population sizes, time since fragmentation occurred and other factors (Kuussaari et al. 2009 ). The impacts of isolation in grasslands on genetic diversity and the subsequent reduction in plant fitness have been highlighted along with the need to account for slow response times to habitat fragmentation (Takkis et al. 2013) . A precautionary grassland management approach which takes into account the connectivity of protected sites and other grasslands of conservation value has been recommended as the way to address the effects of isolation of grassland populations (Arponen et al. 2013) .
Soil conditions
The influence of EIV values was not found to be significant in the RDA but the mean values for the species most associated with the second survey were Wilcoxon signed rank W = 86, P = 0.036* P values significant at the < 0.05 level are identified by*; P values of < 0.01 are identified by **; P values of < 0.001 are identified by ***. Non-significant results are identified by (NS) significantly higher than those of the most influential species in the first survey. The increases in the frequency of species such as Ranunculus repens and Juncus articulatus could be indicative of a shift towards conditions where drainage is impeded (Rodwell 1992; Lynn and Waldren 2003) . The impact on soil compaction and alterations to soil hydrology resulting from the use of heavier farm machinery and from trampling by cattle has been well documented (Hamza and Anderson 2005; Kurz et al. 2006) . In addition there were no options in the AES for farmers to repair or replace collapsed field drains, and the installation of new drainage systems is not permitted on protected grassland sites (Natural England 2017b) . This is likely to have resulted in field drain maintenance being neglected. However, the widespread increase in R. repens from 25% to 84% of the quadrats indicates a distribution throughout the sward. It would be expected that localized increases in moisture associated with damaged field drains may have shown a more patchy distribution. The nitrogen deposition value for the area (27.02 kg N·ha −1 ·year −1 ) is close to the upper limit of the critical load for low and medium altitude hay meadows, which is given as 20-30 kg N·ha −1 ·year −1 (Table S1 in the Electronic Supplementary Material), but the analysis of mean EIV fertility values did not show a significant increase from the first to the second survey and the values for both surveys were within the target range used by Smith et al. (2003) (Stevens et al. 2010) . Mesotrophic grasslands are less well studied but van den Berg et al.
(2016) reported a negative relationship between nitrogen deposition and species richness in mesotrophic grasslands as well as in acid grasslands, and found that there was a positive effect on species richness in calcareous grasslands. Despite the similarity in EIV fertility values for the two survey years, the analysis of the EIVs for the most influential species in the RDA model showed a marked reduction in EIV fertility. Species such as Bromus hordeaceus, Poa pratensis and Alopecurus pratensis have high EIV fertility values and were all prominent species in the first survey. Species which were strongly associated with the second survey, such as Plantago lanceolata, Juncus articulatus and Carex nigra, have low EIV fertility values. The reduction in competitive grasses has already been discussed and can be seen as a measure of success of the conservation management of species rich grasslands. Increases in Juncus species would not be welcomed by conservation managers (Pinches et al. 2013 ), but, overall, lower nutrient levels are important for maintaining species diversity. Values for EIV pH for the whole dataset were also similar for both surveys although the analysis of the Fig. 4 a Plot of cover of target meadow species in the first survey by location. b Plot of cover of target meadow species in the second survey by location. The larger the circle, the higher the percent cover value. Scale shows range of cover values (lowest and highest values) and median value. most influential species showed an increase in the EIV pH value. Whilst acid deposition for the area did not exceed critical loads during the period of the second survey (APIS 2017), the first survey would have been undertaken at a time when acid deposition levels are likely to have been higher than at present (RoTAP 2011).
It should be noted that Ellenberg indicator values are a proxy measure and can differ from analyses of soil chemistry (McGovern et al. 2011 ), but they do provide a useful indication of change where soil data is not available for comparison. In the present study it appears that hay meadow management has maintained soil fertility, pH and moisture levels overall although the effects of nitrogen deposition and potential impacts of impeded drainage should be monitored to inform future management approaches.
Conclusion
There has been a significant change in the community composition of hay meadow vegetation in the study area but hay meadow management has maintained the overall cover of target meadow species and reduced the cover of non-target species. There have been losses of particular species which are key constituents of the hay meadow communities and the meadow vegetation has become more homogenized. The measurement of success of the conservation of hay meadows should take account of the impacts on key species and on individual sites, and consideration should be given to a more targeted approach to management prescriptions. There was no significant change in Ellenberg indicator values over the whole community although analyses of the species showing the most change indicated a decrease in soil fertility. More research is required to explore the reasons for species change and to establish whether the fragmented distribution of the meadows is affecting their long-term viability, findings which have also been identified in studies across Europe.
